[1] Watershed export of phosphorus (P) from anthropogenic sources has contributed to eutrophication in freshwater and coastal ecosystems. We explore impacts of watershed urbanization on the magnitude and export flow distribution of P along an urban-rural gradient in eight watersheds monitored as part of the Baltimore Ecosystem Study Long-Term Ecological Research site. Exports of soluble reactive phosphorus (SRP) and total P (TP) were lowest in small watersheds with forest and low-density residential land use (2.8-3.1 kg À1 km À2 yr
[1] Watershed export of phosphorus (P) from anthropogenic sources has contributed to eutrophication in freshwater and coastal ecosystems. We explore impacts of watershed urbanization on the magnitude and export flow distribution of P along an urban-rural gradient in eight watersheds monitored as part of the Baltimore Ecosystem Study Long-Term Ecological Research site. Exports of soluble reactive phosphorus (SRP) and total P (TP) were lowest in small watersheds with forest and low-density residential land use (2.8-3.1 kg À1 km À2 yr
À1
). In contrast, SRP and TP exports increased with watershed impervious surface coverage and reached highest values in a small urban watershed (24.5-83.7 kg À1 km À2 yr
). Along the Gwynns Falls, a larger watershed with mixed land use, the greatest proportion of SRP (68%) and TP (75%) was contributed from the lower watershed, where urban areas were the dominant land use. Load duration curve analysis showed that increasing urbanization in watersheds was associated with shifts in P export to high-flow conditions (>2 mm d À1 ). SRP concentrations during low-flow conditions at urban headwater sites were highest during summer and lowest during winter. This seasonal pattern was consistent with sediment incubation experiments showing that SRP release from sediments was temperature dependent. Our results suggest that shifts in streamflow and alterations in water temperatures owing to urbanization and climate can influence stream water P concentrations and P export from urban watersheds.
Introduction
[2] Human alteration of the global nitrogen (N) and phosphorus (P) cycles has contributed to increased coastal eutrophication, harmful algal blooms and alterations in aquatic food webs [Ryther and Dunstan, 1971; Smil, 2000; Kemp et al., 2005] . It is generally assumed that P is a limiting nutrient for freshwater eutrophication and N is a limiting nutrient for coastal eutrophication [Ryther and Dunstan, 1971; Howarth and Paerl, 2008; Turner et al., 2006] . Recent studies have shown that P can also be a limiting nutrient in marine waters owing to excessive N loading, however [e.g., Sylvan et al., 2006; Howarth and Marino, 2006] . Urbanization is a widespread and rapidly growing form of land use change, and it has led to elevated P concentrations and exports from watersheds [Dillon and Kirchner, 1975; Norvell et al., 1979; Tufford et al., 2003; Petrone, 2010] . In some cases, increases in P concentrations resulting from urbanization are comparable to those observed in agricultural watersheds [Omernik, 1976; Fink, 2005] .
[3] Recent estimates show that a large proportion of P delivered to the Chesapeake Bay originates from point (e.g., municipal and industrial wastewater) and nonpoint sources (e.g., surface runoff and in-stream sediment) corresponding to agriculture and urban/suburban land use [Russell et al., 2008] . Urbanization not only enhances P inputs to watersheds [Norvell et al., 1979; Alvarez-Cobelas et al., 2009] , but it also alters urban hydrology [e.g., Paul and Meyer, 2001] which has been shown to increase the temporal variability of nitrogen export [e.g., Kaushal et al., 2008; Shields et al., 2008; Kaushal et al., 2010b] . Changes in P export in response to urban hydrologic alteration have not been well studied relative to nitrogen dynamics, although P export is likely sensitive to hydrologic alteration. Urbanization can also influence stream temperatures owing to deforestation, discharges from power plants and wastewater treatment facilities, and runoff from impervious surfaces [Kaushal et al., 2010a, and references therein] , which can potentially influence P cycling in aquatic systems. Prior studies have shown that temperature affects SRP levels in aquatic systems via biotic and/or abiotic processes [Barrow, 1979; Froelich, 1988; Correll et al., 1999; James and Barko, 2004] . Equilibrium phosphate concentrations with soil particles and the solubility of phosphorus minerals (e.g., hydroxylapatite) are temperature dependent [Barrow, 1979; Prakash et al., 2006] . Temperature also increases the rates of SRP sorption and desorption from particles [Froelich, 1988] and favors the formation of environmental conditions (e.g., anoxic) at which SRP fluxes from sediments and soils can be enhanced [House and Denison, 2002; James and Barko, 2004; Solim and Wanganeo, 2009] .
[4] Here, we investigated the effects of altered stream hydrology and temperature on P concentrations and exports across an urban-to-rural gradient in the Chesapeake Bay watershed. We hypothesized that: (1) altered hydrology has increased the temporal variability of P export from urban watersheds, with P dominantly exported during high-flow periods and that (2) elevated temperatures in urban streams enhances the release of phosphorus from sediments to the water column. The effect of stream hydrology on P export was examined by analyzing cumulative frequency distributions of daily P export. The influence of stream temperature was investigated by examining seasonal changes in P concentration and performing temperature-controlled sediment incubation experiments. Characterizing the magnitude and temporal variation in P export in urbanizing watersheds is needed to improve future forecasting and watershed scale restoration efforts aimed at reducing P export and improving P retention.
Materials and Methods

Study Sites
[5] Streams in the present study were sampled as part of the National Science Foundation funded Baltimore urban Long-Term Ecological Research project (LTER), the Baltimore Ecosystem Study (BES; see http://beslter.org). Most of the sites were located in the Gwynns Falls watershed (76°3 0′, 39°15′), a 17,150 ha watershed in the Piedmont physiographic province that drains into the northwest branch of the Patapsco River that flows into the Chesapeake Bay (see Figure 1 and Table 1 ). The headwaters of the Gwynns Falls are dominated by suburban and residential land use in Baltimore County with the middle and lower reaches extending into urban areas of Baltimore City. Four of the sites, Glyndon (GFGL), Gwynnbrook (GFGB), Villa Nova (GFVN) and Carroll Park (GFCP), are located along the main stem of the Gwynns Falls and traverse a rural/suburban to urban (in 1990) with the lower subwatersheds being the most densely populated. The Gwynns Falls is served by city or county sanitary sewer lines, while homes in the Baisman Run watershed have on-site wastewater disposal (septic) systems. There were no wastewater treatment plants upstream of any sites considered in this paper.
Data Collection and Analysis
[6] Stream discharge was continuously monitored by the U.S. Geological Survey at all stations. Streams were sampled weekly with no regard to flow conditions. Filtered (0.45 micron) samples were analyzed for soluble reactive phosphorus (SRP) and unfiltered samples were analyzed for total phosphorus (TP). Following collection, samples were transported to the Cary Institute of Ecosystem Studies (IES), Millbrook, New York, for chemical analysis. SRP was analyzed on a Lachat Quikchem 8000 flow injection analyzer using the ascorbic acid-molybdate blue method [Murphy and Riley, 1962] . TP was analyzed by persulfate digestion followed by SRP analysis [Ameel et al., 1993] . Standards, made from KH 2 PO 4 ranged from 2 to 200 ppb, and the limit of detection was 1.5 ppb. Values below this were set to 1.5 mg P L À1 . If the value for TP was more than 0.01 mg P L À1 but below the SRP concentration, the TP value for that sample was assumed to be the same as the SRP value. One blank of laboratory deionized water was prepared each week and stored along with the samples. Once every six weeks field spike blanks (100 ppb) were prepared for filtered samples at three stations: Carroll Park, Villa Nova, and Glyndon. Check standards (20 and 200 ppb) made from Na 5 P 5 O 10 were processed along with each batch of TP samples. Each week's samples ranged from close to detection limits at the forested reference site, to values over 1,000 mg P/L at the urban sites. All data are posted on the BES WWW site http://beslter.org.
[ Kaushal et al., 2008; Shields et al., 2008] .
[8] We estimated TP and SRP loads for nonsampled days using the U.S. Geological Survey software Load Estimator (LOADEST; http://water.usgs.gov/software/loadest/). LOAD-EST was developed to calculate mass exports of sediment and chemical constituents to the Chesapeake Bay from input files consisting of continuous average daily flow data and discrete concentrations using a multiple parameter regression model with bias corrections incorporated into the program [Cohn et al., 1992 Geological Survey, 2004) . It is now a publicly available software program developed to estimate water quality constituent loads in streams and rivers. In this study, the measurements of SRP or TP concentrations and streamflow for each station were used for model calibrations. An automated model selection option was used to choose the "best" model from the set of predefined models (0 to 9) to obtain the lowest value of Akaike Information Criterion. These models, which contained up to seven parameters, captured the dependence of concentrations on both discharge and season (the sine and cosine terms) and any long-term trend. Average daily discharge data for the study period were also prepared for the run of LOADEST so that daily fluxes of SRP or TP were estimated for the whole study period, once the model had been calibrated. From the returning files, results from the adjusted maximum likelihood estimates (AMLE) were used to modify loading equations to correct for transformation bias. LOADEST was run with a daily time step for the period 2000-2007, and daily estimates were compiled by water year (October in prior year to September) to produce annual export estimates that were normalized per drainage area. The values (loads and watershed area) of the segments between two stations along the main stem of the Gwynns Falls were calculated by subtracting the values of the upstream station from those the downstream station. Percentages for GFGB, GFVN, or GFCP include loads from smaller drainages included within these watershed segments; that is, GFGL, GFGB, and GFCP, respectively.
[9] Results were evaluated against land use and land cover data in export flux form. Flow and nutrient cumulative export curves of TP and SRP export were also computed from daily flow or estimated daily exports for each site, using the method described by Shields et al. [2008] . Cumulative export curves show the percent of accumulated water or nutrient mass exported at different runoff levels. To characterize cumulative export, cumulative daily flow, cumulative SRP or TP loads were graphed versus runoff. The daily cumulative flow or cumulative nutrient loadings were then normalized by the total loadings over the entire period.
Sediment Incubation Experiments to Investigate Temperature Effects
[10] Sediment and water samples were collected on 2 April 2010 from four sites along the Gwynns Fall main stem (GFGL, GFGB, GFVN and GFCP), as well as from three tributaries: POBR (forest), MCDN (agriculture) and DRKR (urban). In the laboratory, the sediments were sieved through a 2 mm sieve, and the fraction that passed the sieve was then homogenized and stored at 4°C. The sediments were incubated in four chambers with temperature set at 4, 15, 25, and 35°C.
[11] At each temperature, 200 g of wet sediment and 450 mL of unfiltered stream water were added to 500 mL glass flasks. The water and sediment were well mixed, and the flasks were left stationary at 4°C for 2 to 4 days to wait for the particles to settle. Stream water samples without sediment additions were prepared in 500 mL flasks at the same time as controls. The flasks were then placed in environmental control chambers for incubation experiments. The flasks were kept in the dark and were gently stirred with a shaker table. During the 2 day incubations, 30 mL of water was collected at 0, 6, 12, 24, and 48 h increments and filtered in situ through 25 mm Whatman GF/F filters in a syringe filter. SRP concentrations in the filtered water were measured colorimetrically using a spectrophotometer [Kaushal and Lewis, 2005] . Chloride (Cl À ) was measured with a Dionex ICS-1500 ion chromatograph, and was used as a conservative tracer to normalize the effect of evaporation, which may change water volume and SRP concentrations during the incubations. The concentration difference between the watersediment mixture and the water-only control was assumed to represent P release from sediments. SRP release rates were calculated by simple linear regression of SRP concentrations versus incubation times.
Statistics
[12] Differences in P export across varying land uses and differences in sediment SRP flux in the incubation experiments were tested using Dunnett's post hoc test for ANOVA in the SPSS statistical software system. Relationships between P export and land use were tested using Spearman's correlation with a = 0.05. Spearman's correlation was used in case assumptions of normality were not met.
Results
Temporal Patterns in Phosphorus Concentrations
[13] Figure 2 presents actual measurements of SRP and TP concentrations in 3 headwater streams (area <0.8 km 2 ) that showed distinct seasonal changes. In the suburban (GFGL) and agricultural (MCDN) headwater sites of the Gwynns Falls, SRP and TP concentrations were highest during August (summer) and lowest during February (winter).
ANOVA analysis also showed that the values in summer (July to September) were significantly higher than those of winter (January to March) (p < 0.05). This seasonal pattern was also observed at downstream sites the Gwynns Falls main stem (GFGB, GFVN and GFCP) but became increasingly variable owing to short-term oscillations (not shown). SRP concentrations at POBR (forested) were close to detection limits (2 mg L À1 ) and no seasonal variation was observed, but there was a distinct seasonal pattern for TP.
[14] Figure 3 shows changes in SRP or TP concentrations (actual measurements) with streamflow. No significant relationships were observed between SRP or TP concentrations and streamflow at any site. At forest (POBR) and low-density residential sites (BARN), the highest SRP concentrations appeared to be during median streamflow. At urban and urban/suburban sites, the highest SRP and TP concentrations occurred at base flows, but an increase in SRP concentration from middle to high flow was also observed (e.g., GFGL, GFCP and DRKR).
Sediment Incubation Experiments to Investigate Temporal Patterns
[15] Both final SRP concentrations (at 48 h) and sediment release rates increased with temperature at all sites (p < 0.05 for linear regressions; see Figure 4 ). Increases in concentrations and release rates were low at lower temperatures (from 4°C to 15°C), and larger values occurred at higher temperatures (from 25°C to 35°C). SRP concentrations and sediment release rates were always highest at GFGL and lowest at POBR (Figure 4 ), and this difference was consistent with routine measurements of SRP concentrations in streams. In contrast to incubations with sediment, the incubations with water only showed no significant changes in SRP concentrations with time or temperature.
Cumulative Frequency Distributions of Phosphorus Exports
[16] The water duration curves displayed marked variation along the rural-urban gradient ( Figure 5 ). The forested reference site (POBR) and low-density residential site (BARN) exhibited similar characteristics to each other and had substantial proportions (85% and 75%) of water export under low-to moderate-flow conditions (<2 mm d À1 ). In the agricultural watersheds (MCDN), less water (71%) was exported across this flow range. More urbanized watersheds (GFGB, GFGL and DRKR) displayed considerably different export characteristics, with decreasing proportions (53%, 38% and 25%) of the overall export occurring during low-to moderate-flow conditions. Table 2 also shows that the runoff at 50% and 80% of cumulative flow also increased in the same sequence.
[17] The SRP and TP load duration curves at the forested (POBR) and low-density residential (BARN) sites followed a similar pattern to the water duration curves. However, the urban/suburban sites exhibited considerably different export characteristics, with less SRP (25%, 20% and 18%) and TP (10%, 7% and 13%) exported during low-to moderate-flow conditions (<2 mm d À1 ), relative to the water duration curves. SRP and TP duration curves for these 3 urban/suburban sites clustered together, while the curves at the agricultural (MCDN) site were between the urban/suburban and forest/low residential site types. Similarly, the runoff at 20%, 50% and 80% of cumulative SRP and TP exports also differed between urban/suburban and forested/low residential land use (p < 0.01, one-way ANOVA; see Table 2 ).
Annual P Exports
[18] The mean annual P exports over the period of 2000 to 2007 displayed marked variability along the urban-rural gradient (Table 1) . Lowest SRP and TP exports were found in the forested reference and low-density residential watersheds (POBR and BARN) and were 2.8 kg TP km À2 yr
À1
(1.1 for SRP) and 3.2 kg TP km À2 yr À1 (1.2 for SRP), respectively. Higher SRP values were found in the following watersheds: MCDN (agricultural), GFCP segment, and GFGL (urban/suburban) and were 11.3, 9.3, and 9.2 kg km À2 yr À1 , respectively. SRP exports increased with increasing impervious surface coverage plus agricultural land use, and decreased with more forest cover (Figure 6 ; p < 0.01). Similarly, highest TP exports were found in GFCP (urban) watersheds, followed by GFGL (suburban), and DRKR (urban) and were 83.7, 48.4, and 24.5 kg km À2 yr À1 , respectively. TP exports increased with increasing impervious surface coverage and decreased with increasing forest cover ( Figure 6 ; p < 0.01).
[19] Annual SRP and TP loads of the Gwynns Falls exhibited large variability, generally following the trend of water discharge: higher during wet years (2003 and 2004) and lower during dry years (2002; see Figure 7 ). On average, the more urbanized portion of watershed below the suburban/ urban boundary (GFVN), exported half (51%) of the water, but disproportionally more of the total loads of both SRP (68%) and TP (75%). This distribution is different from nitrogen [e.g., Groffman et al., 2004; Kaushal et al., 2008; Shields et al., 2008] , which was exported disproportionally higher from the rural/suburban headwaters of the watershed.
Discussion
Watershed Urbanization and Annual Phosphorus Export
[20] Environmental factors that control watershed P exports have been widely examined [e.g., Dillon and Kirchner, 1975; Behrendt and Opitz, 1999; Withers and Jarvie, 2008; Alvarez-Cobelas et al., 2009] . These factors includes watershed geology [Dillon and Kirchner, 1975] , runoff regime [Petrone, 2010] , surface water area [AlvarezCobelas et al., 2009] , and land use/land cover [Norvell et al., 1979; Line et al., 2002; Tufford et al., 2003] . Characteristics of the stream network and channel (e.g., drainage density, stream size and mean depth) may influence upstream and downstream patterns in P export because they affect erosion of stream banks [e.g., Kirchner, 1975; Withers and Jarvie, 2008] . In this study, runoff and stream size seemed relatively unimportant for regulating P export. There was no correlation between TP or SRP exports and surface runoff or watershed area (p > 0.05). We cannot determine how changes in stream characteristics (stream size and depth) from upstream to downstream influence P export, because changes in stream size are confounded with changes in land use in this study. However, we observed strong correlations of SRP and TP exports with impervious surface cover (ISC; see Figure 6 ), an "indicator" variable for urbanization Shields et al., 2008] . The linkage of P export with land use in this study is comparable to the conclusions of many prior studies showing that urbanization and agriculture have greatly increased annual P export in a variety of streams and rivers globally [e.g., Dillon and Kirchner, 1975; Norvell et al., 1979; Line et al., 2002; Tufford et al., 2003; Petrone, 2010] . An increase in TP exports from forested to agricultural to urban land use was also observed in watersheds in Connecticut and Australia (Table 3) . Compared to larger rivers in the Chesapeake Bay watershed, TP exports from Gwynns Falls were somewhat lower (Table 3) likely because there were no intentional sewage discharges by municipal wastewater treatment plants in the Gwynns Falls watershed.
[21] The linkage of high P export with urban land use ( Figure 6 ) and disproportionally higher P contributions from the most urbanized areas of the Gwynns Falls (the segment from Villa Nova to Carroll Park (Figure 7 ) may be related to Figure 6 . Correlation between phosphorus export (SRP and TP) and land use. Impervious + Agri is the total percent of impervious cover and agricultural land use. GFGB, GFVN, or GFCP refer to specific segment drainage areas along the urban rural gradient in the Gwynns Falls watershed. leaky sewers, a common P source in urban areas). This lower Gwynns Falls watershed includes small urban watersheds such as Dead Run, Gwynns Run (high in P export but data are not shown), and other polluted streams draining Baltimore City. Gwynns Run has been shown to be highly contaminated with sewage [Kaushal et al., 2011] , and a major sewer leak to this stream (GFGR) was identified and repaired in April 2004. Nitrate isotope data also showed substantial wastewater contributions from other urbanized watersheds, GFCP, DRKR and GFGL, which also had higher P export (Table 1) [Kaushal et al., 2011] . Divergent sources may explain different spatial distributions of N and P inputs along segments of the Gwynns Falls. For N, chemical fertilizers from agricultural land use (in the upper Gwynns Falls) are generally considered as a dominant N source [Groffman et al., 2004; Kaushal et al., 2011] . Fertilizers could also be a source of P, but P loss from soil is generally minor relative to nitrogen. Thus, nitrate concentrations decrease longitudinally with increasing urbanization [Kaushal et al., 2011] , while for P the opposite longitudinal pattern was observed. The high TP concentrations in urban watersheds may be attributed to storm Figure 7 . Annual loads of water, SRP, and TP exported from the Gwynns Falls (left) from 1999 to 2007 and (right) average percentage of inputs from four segments of the watershed. Percentages for GFGB, GFVN, or GFCP include loads from smaller drainages included within these watershed segments; that is, GFGL, GFGB, and GFCP, respectively. Fisher et al. [1998] water-induced bank erosion, lack of P retention on impervious surface [Withers and Jarvie, 2008] and temperature-induced SRP release from sediment and soils (discussed in section 4.3). Additionally, a large area of farmland in the Gwynns Falls watershed was transformed to urban areas with impervious surfaces during the 20th century (http://www.ohio.edu/people/ dyer/LULC_change.html). Fink [2005] showed that change from cropland to urban land use can significantly increase TP export, as a result of loss of P-enriched soils due to flashy urban hydrology. This replacement may likely be another reason for the high P export rates in some urban watersheds here and in prior studies.
Effect of Urbanization on the Timing of P Export
[22] The effect of urbanization on stream hydrology and drainage structure has been widely reported in the literature [e.g., Paul and Meyer, 2001; Walsh et al., 2005; Elmore and Kaushal, 2008] . In addition to increases in runoff volume, urbanization accelerates the timing of storm events, forming a typically "flashy" hydrograph relative to less disturbed streams. This change in discharge is due to the improved hydraulic efficiency of an urbanized area, as a result of changes made to the watershed (e.g., impervious land surface and storm water pipes) and stream channel (channelization). Approximately 90% of headwater streams in Baltimore City are buried and converted into storm drains which can alter hydrologic connectivity [Elmore and Kaushal, 2008] . In this study, we found a strong coupling between cumulative flow distribution as a function of runoff and the extent of watershed impervious coverage ( Figure 5 and Table 2 ). This showed that storm events play a more important role in water export with increasing watershed urbanization. In addition to urbanization, other watershed characteristics (e.g., watershed size) may also play a role, but appeared to not be so important in the present study. For example, if watershed size dominated stream hydrology, cumulative flow from the DRKR watershed (larger size) should be more evenly distributed than that of GFGL (smaller size) because of increased buffering effects of a larger watershed on flow peaks (although the distribution also depends on catchment shape and other variables); the same should have been observed for BARN (larger) and POBR (smaller), but was not.
[23] The effect of urbanization on the timing of P export was similar to patterns of streamflow ( Figure 5 ). Therefore, storm events in urban areas affect the export patterns of water and P. Hydrological control of P export was also supported by the significant correlations between estimated daily P export and daily streamflow (SRP: r 2 = 0.67-0.93, p < 0.01; TP: r 2 = 0.55 À0.77, p < 0.01). This may be expected because P load is a product of concentration and streamflow. On an annual basis, streamflow has also been shown to be one of the most important factors controlling nutrient exports from the Gwynns Falls, with large variability in loads across wet and dry years ( Figure 7 ) Shields et al., 2008] . However, we observed that the patterns of cumulative SRP and TP export did not exactly follow that of cumulative flow distribution ( Figure 5 and Table 2 ), ascribed to the relationships between phosphorus concentration and discharge (Figure 3 ). For urban/suburban watersheds, the elevated high P concentrations during base flows could be attributed to the sewage leaks as suggested by nitrate isotopes, and then decreased at moderate flows owing to dilution [Kaushal et al., 2011] . However, the SRP and TP concentrations during storm events were not as low as expected from a dilution curve but increased from middle to high flows as a result of sanitary sewer surcharging. This change may cause more P to be exported during high-flow events in urban watersheds. The mechanisms are not completely clear, but one additional possibility may be that SRP that was stored in the channel sediment pore water was remobilized to streams during high flows. Particulate P is more likely controlled by sediment transport, and particulate P concentrations typically increase with streamflow [Withers and Jarvie, 2008] . As a result more P was exported by urban streams during high-flow events and SRP/TP exports shifted more toward large runoff events relative to the flow duration curves.
[24] Our findings regarding how altered hydrology affects P export may have remedial implications. Our results show that most of the SRP (75-82%) and TP (87-93%) were exported under high-flow conditions (>2 mm d À1 ) in urban/suburban watersheds. Thus, strategies that prioritize reducing P export during high-flow events should be the most effective way to reduce annual P loadings from urban watersheds. Storm water best management practice techniques (BMPs), which are used to reduce stormflow, could potentially be an effective way to reduce phosphorus export when P primarily originates from nonpoint sources. However, the effect of BMPs might be limited if the main P sources were from subsurface leaky sewers and sanitary sewer overflows during high flows [Kaushal et al., 2011] .
Temperature Effects on Seasonal Changes in P Concentrations
[25] The pronounced seasonal changes in SRP concentration in the 2 headwater streams (GFGL and MCDN in Figure 2 ), with highest concentrations in summer and lowest concentrations in winter, suggest that SRP concentration in these headwater streams may be driven by changes in stream temperature. Other variables that influence SRP concentrations in aquatic ecosystems, including flow conditions, tributary-by-tributary "dilution," biotically mediated changes in pH and dissolved oxygen [Withers and Jarvie, 2008, and references within; Duan et al., 2010] may also cause such seasonal change in SRP [James and Barko, 2004; Solim and Wanganeo, 2009] . For example, the relatively high SRP concentrations during summer could be attributed to low flow during this season, an idea supported by the trend of decreasing SRP concentrations with increasing streamflow at the urban sites (Figure 3) . However, base flow SRP concentration during other seasons was not high, suggesting that dilution was not the only mechanism. In addition, prior studies [e.g., Jensen et al., 2006] have shown SRP release with increasing chloride concentrations in coastal areas. Salinization and chloride concentrations in the Gwynns Falls urban/suburban sites show a well-developed seasonality as a result of applications of road salt during winter . However, SRP concentration were high during summer in the present study and varied inversely with chloride (which was highest during winter), thus precluding the effect of high chloride on SRP release.
[26] Sediment incubations in this study showed that SRP concentration and SRP release rate are temperature dependent, suggesting that temperature-dependent SRP release from sediment may be an important mechanism underlying seasonal changes in SRP. Prior sorption shaking experiments with riverine sediment have also revealed that organic river substrates can be a source of SRP, and there can be temperature enhanced sediment SRP desorption [e.g., Schulz and Herzog, 2004] . Here, our incubation data can be used to investigate seasonal variations in SRP concentrations, after we calibrate them with average stream depth at base flow and assume that water-sediment interactions at the end of our experiments reached the same state as in the streams. By using a linear regression (Figure 4) , we estimated SRP concentrations at the GFGL site to be 21.3 mg l À1 at an average summer temperature of 21.5°C [Kim, 2007] . We estimated SRP concentration to be 30.2 mg l À1 at a maximum summer temperature of 27.9°C. Figure 2 shows that most SRP values in August (summer) were within this range. Similarly, we estimate winter SRP concentrations to be 7.4 to 9.2 mg l À1 , which were also close to most measurements. The reason for lack of SRP seasonality at POBR is unclear, and one possibility is that the SRP concentrations at this forested site were close to detection limits (<2 mg P) and the seasonal changes could not easily be observed.
[27] Prior studies have shown that the mechanisms for temperature effects on sediment buffering could be biotic and/or abiotic [Froelich, 1988; Correll et al., 1999; Duan et al., 2010] . The studies of Barrow [1979] and Prakash et al. [2006] show that the zero equilibrium phosphate concentration (EPC 0 ) of particles and the solubility of phosphorus minerals (e.g., hydroxylapatite) are temperature dependent. Temperature also increases the rates of SRP sorption and desorption from particles [Froelich, 1988] . However, the stimulating effects of warm water temperatures on biotically mediated biogeochemical processes in stream sediments could also be a major driver behind the seasonality observed in the incubation experiments. For example, fast oxidation of organic matter at higher temperatures [White et al., 1991] could lead to lower dissolved oxygen concentration and formation of anoxic conditions that favor SRP fluxes from sediments [James and Barko, 2004; Solim and Wanganeo, 2009] . The same biotic and abiotic processes could occur in soils, and soil SRP buffering is also likely important because of the wider distribution of soils than stream sediments. Because small headwater streams have larger water-sediment contact areas and were more likely affected by groundwater inputs from soils, temperature-SRP/ TP coupling may have been more apparent in headwater streams (Figure 2 ). This coupling became less substantial downstream as water-sediment contact area decreased.
Conclusions
[28] Urbanization significantly increased phosphorus (SRP and TP) exports from watersheds to streams. The high TP exports from urban areas (an order of magnitude higher than forest land use) suggests that P retention in urban watersheds should still be a priority for P load reductions in order to control eutrophication in the Chesapeake Bay watershed. Wastewater treatment plant improvements have greatly reduced P loads from point P sources to the Chesapeake Bay in recent decades [e.g., D'Elia et al., 2003] . In the future, efforts to control TP inputs may need to focus on nonpoint sources as well.
[29] Changes in hydrology patterns in urban streams alter the pattern of phosphorus export, with more P exported during high-flow events. Current research has focused on the effects of seasonal climate variability on P export and nutrients delivered during the spring high-flow period; these can result in spring algal blooms and summer hypoxia [Kemp et al., 2005] . In addition, future management efforts may need to include measuring and managing pulses of nutrients associated with increasing streamflow variability in urban areas [Kaushal et al., , 2010b . Storm water best management practices might be an effective way to reduce phosphorus export, and management of sewer leaks during high flows may also be needed for remediating sanitary sewer overflows (SSOs).
[30] The correlations between SRP and water temperature from incubation experiments suggest that P release from sediments and soils (and other processes that are temperature dependent) may play a role in shaping the seasonal patterns of SRP concentrations and export from small streams. Rising stream water temperatures, due to interactions between urbanization and global warming [e.g., Kaushal et al., 2010a] , may influence base flow SRP concentrations and P dynamics. Because base flow conditions dominate during the growing season and the growth of freshwater algae is generally P limited, rising temperatures may have an increasingly strong influence on urban stream ecosystems in the future.
